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ABSTRACT
Currently, a need exists to assess the biological significance of distinct stressors
related to groundwater inputs in the Lower Athabasca River (LAR). I used traditional
taxonomy supplemented with metabarcoding to conduct a bioassessment of the LAR
benthic macroinvertebrate (BMI) communities. Using traditional taxonomy, I identified
BMIs at the family level (or lower) at sites exhibiting either low or high conductivity in
both upstream, downstream and industry adjacent loci. I used metabarcoding as a
complementary approach to traditional taxonomy and established a criterion to provide
an efficient methodology for incorporating the two techniques. However, due to the
quality of DNA in the pooled barcoded samples, I could not sequence any samples to
generate a second, complementary, community data set. Results from traditional
taxonomy alone found no relationship between diversity and conductivity or location. I
observed that conductivity was associated with the evenness of taxa present at sites
represented by reference sites upstream and industry adjacent oil sands sites as well as
between reference sites upstream and saline downstream sites. Rank abundance
distributions of BMI families did not fit generally accepted theoretical models of
reference and stressed conditions for low and high conductivity sites, respectively.
Lastly, I did not observe a difference in the composition of taxa between communities
across all site types. Results of my study suggest that groundwater inputs from natural,
municipal or industrial sources may influence the composition of taxa in different ways,
but do not affect overall diversity or evenness of benthic macroinvertebrate
communities. This research did not detect a difference in biodiversity between reference
sites and sites impacted by municipal, industrial or natural inputs.
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GENERAL INTRODUCTION
Considering ecology is the intersection of living organisms and their physical
environment, the study of biological diversity is an important part of this broad
multidisciplinary field (Campbell and Reece 2005). This is particularly true with rapid
changes in biodiversity of ecosystems globally due to anthropogenic impacts (Cardinale
et al. 2011). The increasing rate of biodiversity loss is a major area of concern due to its
importance to expanding human populations relying on ecosystem services, the
resources within an environment and for environmental stability (Hooper et al. 2012).
Ecological impacts of biodiversity loss are observed both directly and indirectly, causing
the complement of species that persist in an environment following the loss of others to
lose the ability to quickly return to equilibrium, representing a decrease in ecological
resilience (Chapin et al. 2000). Conservation seeks to address biodiversity loss for the
preservation of resources for both humans and ecological stability (Cardinale et al.
2006).
Biological assessments (bioassessments) of environmental conditions are a way
of examining species diversity and distribution to provide information required to gauge
how natural settings change in response to anthropogenic activities (Fore et al. 1996).
This is a common practice for determining the quality of aquatic environments (Birk et
al. 2012). The ability to conduct impact assessment in both lentic and lotic systems
based on biodiversity allows for the delivery of guidance in decision making for
environmental managers (Walsh et al. 2001).
In field studies, control conditions against which test conditions are evaluated are
not always readily available due to difficulties in maintaining required environmental
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characteristics in a natural setting (Stoddard et al. 2006). A solution to this limitation is
to conduct bioassessments using the Reference Condition Approach (RCA), which
identifies reference sites that represent conditions minimally disturbed by physical,
chemical and biological characteristics (Reynoldson et al. 1997). Measuring biodiversity
at test locations and comparing it with the same biodiversity measures in reference
condition locations rather than using mesocosms as a control provides the ability to
make comparisons across larger scales (Nichols et al. 2016)
In rivers and streams, the organisms most commonly used for bioassessments
are benthic macroinvertebrates. Benthic macroinvertebrate communities are
advantageous to use for bioassessments for several reasons. They are relatively simple
to collect and analyze, these biota persist across habitats, and they are responsive to
environmental changes (Bailey et al. 2004).
Two strategies can be employed to obtain data necessary to conduct
bioassessments using benthic macroinvertebrates: traditional taxonomy and
metabarcoding. The former involves identifying specimens sampled using
morphological traits, while the latter utilizes modern molecular techniques. Each
approach aims to determine the taxa present at sites sampled and their abundance
(Keck et al. 2017). With this data, appropriate computations and comparisons of
biodiversity between references and test sites can be made to achieve an accurate
assessments of ecological communities. However, both traditional taxonomy and
metabarcoding present unique sets of challenges, drawbacks and advantages (Pires
and Marinoni 2010).
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One of the primary criticisms of traditional taxonomy involves the ever-changing
nature of classifying organisms. Cryptic species that were thought to be one single
taxon have been shown through DNA sequencing to be multiple species that often
cannot be distinguished through morphological traits alone (Hebert et al. 2004). Another
issue presented by traditional taxonomy is that specimens can be difficult to identify,
when collected in poor physical condition. Differences between some benthic
macroinvertebrates can be subtle and, often, damaged specimens are difficult or
impossible to identify to species level (Jones 2008). DNA-based identification does not
have this problem, as even small amounts of genetic material are sufficient to ensure
detection at the species level (Kartzinel et al. 2015). Another reason that traditional
taxonomy is not always seen as favorable is that identifying many organisms in benthic
macroinvertebrate samples can be time consuming to identify and require expertise and
knowledge of the taxa from the locations in which samples were taken (Yu et al. 2012).
However, in a similar vein, traditional taxonomy is also more readily accessible than
metabarcoding capabilities. Identification using morphological traits requires only
taxonomic keys and a dissecting microscope (Elbrecht et al. 2017a). The quality of the
data produced by counting is also an advantage that traditional taxonomy provides, as
exact counts of specimens in samples allow scientists conducting bioassessments to
use more precise abundance data than metabarcoding offers (Elbrecht et al. 2017b).
Drawbacks of using metabarcoding alone in bioassessment protocols involve the
difficulty of recognizing false positives and false negatives. In metabarcoding,
Polymerase Chain Reactions (PCRs) using universal primers amplify any DNA from
benthic macroinvertebrate samples. However, the detection of DNA sequences of a
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particular organism doesn’t necessarily indicate the live presence of that organism at
the location from which it was sampled. This false positive detection could result from
dead specimens that were sampled along with the live community (Ficetola et al. 2016).
Conversely, false negatives can occur for rare or small-bodied organisms, in that they
may not be detectable in massively parallel sequencing of bulk samples. This is due to
PCRs amplifying DNA that is most readily available in the reaction, which prevents DNA
from small or less abundant taxa from being recovered in sequence results (Zhan et al.
2013). Characterizing communities for bioassessments using metabarcoding has been
demonstrated to provide large quantities of data relatively quickly, compared to
traditional taxonomy (Zhan et al. 2014). In addition to the speed with which this data can
be obtained, the thoroughness of sequencing data is an advantage to metabarcoding.
The massively parallel sequencing ability of Next-Generation Sequencing (NGS)
platforms affords huge amount of data to be obtained in a particular sequencing run
(Lobo et al. 2017). This is valuable when attempting to make distinctions in biodiversity
between reference conditions and test sties in bioassessments using RCA.
With both traditional taxonomy and metabarcoding having positives and
negatives associated with them, a combined approach that uses the techniques
together to optimize bioassessments is valuable (Bik 2017). Integrating traditional
taxonomy with metabarcoding can remedy issues associated with the separate
protocols when being used for bioassessments or biomonitoring (Santos and Faria
2011). Pre-processing of taxa with some variety of traditional taxonomy can help
optimize metabarcoding methods (Elbrecht et al. 2017b).
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My thesis addresses the challenge of combining traditional taxonomy and
metabarcoding from bulk environmental samples using communities of benthic
macroinvertebrates. In Chapter 1 I use of traditional taxonomy methods to conduct a
bioassessment using the reference condition approach on samples from the Lower
Athabasca River with the objective of determining if multiple stressors influence the
benthic macroinvertebrate biodiversity. In Chapter 2, following the processing samples
and biodiversity analyses in Chapter 1, I used the same samples to follow up with
metabarcoding methodology in an attempt to reinforce results and conduct a
complementary bioassessment. The objective of the synthesis of the two chapters of my
thesis together is to show that the separate methodologies described above can be
integrated in bioassessments relevant to river and stream benthic macroinvertebrate
communities can be conducted in an optimized and high-throughput manner.

5

References
Bik HM (2017). Let’s rise up to unite taxonomy and technology. PLoS Biology 15:
e2002231.
Birk S, Bonne W, Borja A, Brucet S, Courrat A, Poikane S, Solimini A, van de Bund W,
Zampoukas N, Hering D (2012). Three hundred ways to assess Europe's surface
waters: an almost complete overview of biological methods to implement the
water framework directive. Ecological Indicators 18:31-41.
Cardinale BJ, Srivastava DS, Duffy JE, Wright JP, Downing AL, Sankaran M, Jouseau
C (2006). Effects of biodiversity on the functioning of trophic groups and
ecosystems. Nature 443:989-992.
Cardinale BJ, Matulich KL, Hooper DU, Byrnes JE, Duffy E, Garnfeldt L, Balvanera P,
O’Conor MI, Gonzalez A (2011). The functional role of producer diversity in
ecosystems. American Journal of Botany 98:572-592.
Chapin III FS, Zavaleta ES, Eviner VT, Naylor RL, Vitousek S, Lavorel HL, Reynolds
D, Hooper DU, Sala OE, Hobbie HE, Mack MC, Diaz S (2000). Consequences of
changing biotic diversity. Nature 405:234–242.
Elbrecht V, Vamos EE, Meissner K, Aroviita J and Leese, F (2017a). Assessing
strengths and weaknesses of DNA metabarcoding-based macroinvertebrate
identification for routine stream monitoring. Methods Ecology and Evolution 8:
1265–1275.
Elbrecht V, Peinert B, Leese F (2017b). Sorting things out: Assessing effects of unequal
specimen biomass on DNA metabarcoding. Ecology and Evolution 7:6918-6926.
Ficetola GF, Taberl P, and Coissac E (2016). How to limit false positives in

6

environmental DNA and metabarcoding? Molecular Ecology Resources 16:604607.
Fore LS, Karr JR, Wisseman RW (1996). Assessing invertebrate responses to human
activity: Evaluating alternative approaches. Journal of North American
Benthological Society 15:212–231.
Hooper DU, Adair EC, Cardinale BJ, Byrnes JE, Hungate BA, Matulich KL, Gonzalez A,
Duffy JE, Gamfeldt L, O’Connor MI (2012). A global synthesis reveals
biodiversity loss as a major driver of ecosystem change. Nature 486:105-108.
Jones FC (2008). Taxonomic sufficiency: The influence of taxonomic resolution on
freshwater bioassessments using benthic macroinvertebrates. Environmental
Reviews 16:45-69.
Kartzinel TR, Pringle RM (2015). Molecular detection of invertebrate prey in vertebrate
diets: trophic ecology of Caribbean island lizards. Molecular Ecology Resources
15:903-14.
Keck F, Valentin V, Tapolczai K, Rimet F, Bouchez A (2017). Freshwater biomonitoring
in the Information Age. Frontiers in Ecology and the Environment 15:266-274.
Lobo J, Shokralla S, Costa MH, Hajibabaei M, Costa FO (2017). DNA metabarcoding
for high-throughput monitoring of estuarine macrobenthic communities. Scientific
Reports 7:15618.
Nichols SJ, Barmuta LA, Chessman BC, Davies PE, Dyer FJ, Harrison ET, Hawkins C,
Jones J, Kefford B, Linke S, Marchant R, Metzeling L, Moon K, Ogden R, Peat
M, Reynoldson TB, Ross MT (2016). The imperative need for nationally

7

coordinated bioassessment of rivers and streams. Marine and Freshwater
Research 68:599-613.
Pires A, Marinoni L (2010). DNA barcoding and traditional taxonomy unified through
Integrative Taxonomy: a view that challenges the debate questioning both
methodologies. Biota Neotropica 10:339–346.
Reynoldson TB, Norris RH, Resh VH, Day KE, Rosenberg DM (1997). The reference
condition: A comparison of multimetric and multivariate approaches to assess
water-quality impairment using benthic macroinvertebrates. Journal of the
North American Benthological Society 16:833-852.
Santos LM, Faria LR (2011). The taxonomy's new clothes: a little more about the DNA
based taxonomy. Zootaxa 3025:66-68.
Stoddard JL, Larsen DP, Hawkins CP, Johnson RK, Norris RH (2006). Setting
expectations for the ecological condition of streams: the concept of reference
condition. Ecological Applications 16:1267–1276.
Walsh CJ, Sharpe A, Breen PF, and Sonneman JA (2001). Effects of urbanization on
streams of the Melbourne region, Victoria, Australia benthic macroinvertebrate
communities. Freshwater Biology 46:535-551.
Yu DW, Ji Y, Emerson BC, Wang X, Ye C, Yang C and Ding Z (2012). Biodiversity
soup: metabarcoding of arthropods for rapid biodiversity assessment
and biomonitoring. Methods in Ecology and Evolution 3:613–623.
Zhan A, Hulak M, Sylvester F, Huang X, Adebayo AA, Abbot CL, Adamowicz SJ, Heath

8

DD, Cristescu ME, MacIsaac HJ (2013). High sensitivity of 454 pyrosequencing
for detection of rare species in aquatic communities. Methods in Ecology and
Evolution 4:558-565.
Zhan A., He S, Brown EA, Chain FJJ, Therriault TW, Abbott CL, Heath DD, Cristescu
ME, and MacIsaac HJ (2014). Reproducibility of pyrosequencing data for
biodiversity assessment in complex communities. Methods in Ecology and
Evolution 5:881–890.

9

CHAPTER 1
BENTHIC MACROINVERTEBRATE COMMUNITIES IN THE LOWER ATHABASCA
RIVER
1.1 Introduction
The simplest description of biodiversity refers to the variation of life at all levels of
ecological organization (Wilson and Peter 1988). As such, it is important to study and
understand variation in biodiversity across spatial and temporal scales. Variation in
biodiversity can come in three forms: (1) species (taxonomic) diversity, representing the
assortment of distinct organisms, each present at different abundance; (2) genetic
diversity, which is the intra-specific variation among individuals of the same species;
and (3) functional diversity, which encompasses all the ecosystem processes that
organisms are involved in, and the interactions of living and non-living components of
an environment (Gaston 1996). Measures of biodiversity that can be used as indicators,
include richness, evenness and heterogeneity. These measures account for the number
of unique life forms, their equitability, and their dissimilarity, respectively. Although the
value of ecosystem services can be challenging to evaluate, more diverse ecosystems
are generally considered positive for humanity as they provide market and non-market
goods and services, while the loss of biodiversity can have harmful societal impacts
(Cardinale et al. 2012). Increasing rates of biodiversity loss have been a worldwide
concern for several decades. However, due to difficulties in pinpointing and mitigating
the myriad causes, efforts to decrease the rate of global biodiversity decline have been
largely unsuccessful. Conserving biodiversity remains a current focus of many
governments and organizations globally (Butchart et al. 2010).
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The consumption of natural resources in the 21st century comes with an
obligation to do so sustainably and responsibly. Addressing this burden involves efforts
to conserve biodiversity and avoid anthropogenic impacts that could threaten the
composition and abundance of organisms as they naturally occur in the environment.
Knowing the magnitude of any human influence already present in that environment and its manifestation as a threat to biodiversity - is necessary to prioritize any policy or
management decisions in response to, or in anticipation of, further human actions. This
is particularly true for freshwater systems (Vörösmarty et al. 2010). An appropriate
framework approach is required to test the integrity of biodiversity in both stressed and
non-stressed environments.
The reference condition approach (RCA) to biodiversity assessments for
freshwater systems considers the variability of biota measured across defined impacted
and reference sites (Bailey et al. 2004). Sites considered “Reference Conditions” are
not exposed to human stressors such as effluent discharge, seepage from industrial
operations, or other potential influences stemming from land use adjacent to a water
body that can degrade quality of habitats. Multiple reference sites are used to explain as
much variability as possible in the biota that occurs under ordinary (undisbursed)
circumstances. The variability of biota can then be compared between reference and
test sites to determine if exposure to a stressor has an impact on the biota of interest in
the assessment (Bailey et al. 1998). Measuring the biodiversity of organisms in
ecosystems is a requisite step in determining its health. However, any such
measurements of biodiversity constituting a biological assessment (bioassessment),
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should include multiple measurements of biodiversity across temporal and spatial
scales (Villeneuve et al. 2018).
Communities and conservation
While comparisons between environments should be done consistently to
scientifically address state of the environment, ecological scale is also important. These
comparisons are commonly made at the community level as this allows diversity
between sites within a particular region to be assessed (ie. beta diversity; Jost 2007).
This community biodiversity may come in the form of the number of species found in a
particular place (species richness) and/or the abundance of those species relative to
one another (relative species abundance). Relative species abundance can be
measured as species evenness (Heip et al. 1998). Distinguishing these measures for
specified communities at unique locations permits critical assessment of interspecies
diversity among sites within defined geographic areas. Studies at this scale allow for
further examination of the dynamics and influences on biodiversity at that same level.
Accounting for species richness and relative abundance in a community is a common
and important practice in both community ecology and conservation (Mouillot and
Lepretre 2000). In turn assessments of anthropogenic impacts on communities using
biodiversity data consisting of richness and abundance allows for management
decisions in conservation.
Studying stressed communities
Observing differences in stressed and reference biological communities allows
for the interpretation of biotic responses to physicochemical stresses. Stressors can be
12

any form of extraneous perturbation that can affect biodiversity. Perturbations can be
categorized by their source, duration, or intensity. The source can be anthropogenic
(e.g. pollution) or natural (e.g. flooding events). Press and pulse perturbations are
distinguished by the duration of their application to a community, though both have the
potential to alter a community (Bender et al. 1984). Press perturbations are generally
long-term or chronic pressures, which may reduce or eliminate population(s) and bring
about a new equilibrium in the community; on the other hand, pulse perturbations are
acute or transient events in which community alterations may not persist after the pulse
stressor is removed, allowing a community to revert to previous equilibrium (Bender et
al. 1984).
Sites tested in a bioassessment using the RCA require classification as either
reference or stressed (Bailey et al. 1998). However, loci in environments with unknown
inputs can also be tested using this approach. Observing biodiversity patterns and
comparing them to patterns typical of those in reference conditions or well established
stressed conditions is a way to measure effects of unknown inputs on communities in
these cases. Here, I follow a similar principle at sites of the Lower Athabasca River,
where this array of communities with unknown conditions and influences exists. I
measured biodiversity at a suite of test sites to determine if some input has a positive,
negative or neutral effect on the community (Hooper et al. 2005). In my study, areas of
interest are identified by groundwater inputs inferred by high conductivity and referred to
as stressed, although the impacts on communities are not known prior to investigation. I
did this for the purpose testing if communities are stressed (negatively impacted), rather
than the magnitude of impact, as would be the case for known stressors. Therefore, to
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classify sites into appropriate categories, hotspots were identified using terrain
conductivity as an objective determinant of significant groundwater input. All references
to stress herein refer to any input that can conceivably impact diversity of a particular
site. These hotspots, particularly at industry-adjacent sites, were used in this study.
Terrain conductivity hotspots may be anthropogenic or naturally sourced “stressors”
depending on the source of the environmental load. In areas where there is a mixture of
inputs, or the source is unidentifiable, observations of sites were conducted under the
assumption that there is a stressor present, but the source is unknown. The presence of
high conductivity in groundwater does not necessarily signify toxicity. However it does
indicate an area that requires investigation (Kefford et al. 2002).
Freshwater systems provide valuable resources that intrinsically connect people
and environment. Rivers and streams are often studied at micro- and meso-habitat
scales to develop concepts and principles that can be applied both to larger riverine
systems as well as across other freshwater systems (McCluney et al. 2014). The
relationship between humans and aquatic resources is important to portray accurately in
any ecosystem since chemical or physical alterations that have a negative impact on
the diversity of biota are indicators of risk that can reach beyond the system, creating
deeper concerns. For example, phosphorus loadings from agricultural runoff in streams
and drainage ditches in Ohio have had indirect impacts on the drinking water supply for
human populations (Steffen et al. 2017). Establishing conservation strategies requires
determining what levels of stress environments are under, if any. This can be achieved
through either chemical or biological components. In aquatic environments, ecological
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communities at lower trophic levels may provide valuable information on health status of
the ecosystem.
Benthic macroinvertebrates (BMI) are one of the most commonly used
communities in bioassessments (Bailey et al. 2001). Even in conjunction with
bioassessments that focus on fish species, BMI are often sampled because they
provide valuable supplemental data (Diamond et al. 1996). BMIs are useful in
bioassessments for at least three reasons: ease of sampling from a variety of habitats,
relatively simple coarse taxonomy and ubiquity across freshwater environments (Fore et
al. 1996; Bonada et al. 2006), and BMI have a limited range, which ensures that the
complement of species in a sample reflects the environment where they are captured.
This is vital because it ensures that BMI are responsive to stressors they encounter,
with species composition and abundance fluctuating in response to the level of stress,
making it possible to determine the magnitude of a stress signal (Bailey et al. 2004).
The presence of stressors in the form of groundwater inputs at a particular
hotspot can lead to community changes and reveal a correlation between diversity of
macroinvertebrates and differences in electrical conductivity (Kefford 1998). ShannonWeaver diversity (H’) and evenness (J’) derived from H’ are two simple measures that
can be used to quantify differences (Morris et al. 2014).
Rank-abundance distribution (RAD) curves are often used to indicate the
ecological status of a habitat by assessing which theoretical distribution model best fits
data from different types of communities. This information offers applicability in the need
to gauge community structure when resolving relative stress in an environment (Izsak
and Pavoine 2012). The three important ways that RADs can differ between
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communities are the total number of individuals (abundance), the total number of
species (richness) and the relative abundance (evenness) of the species present. This
is a key in aspect of studies aiming to understand how biodiversity changes over an
environmental gradient (Foster and Dunstan 2010).
Several hypothetical models may be considered when fitting distributions of
community samples (Magurran 1988). Ugland and Gray (1982) previously highlighted
that data from unpolluted benthic communities show a relatively good fit to the
lognormal distribution. This follows the principle that relative abundance patterns of
undisturbed communities typically contain a large number of species, most of which are
rare, generating a lognormal distribution (Preston 1948). The ecological resilience of
communities subject to long-term (press) stressors are argued to have a species
complement adapted to live in these conditions, causing their distributions to appear
similar in shape to reference, unstressed sites (Shade et al. 2012). This principle follows
that an environment exposed to a disturbance will reach equilibrium over time resulting
in lognormal curves as due to different population growth rates of numerous coexisting
species (MacArthur 1960). The relative abundance of any particular species present
may change based on preferred environmental conditions, but the general shape of the
community distribution will remain lognormal. In moderately disturbed communities, rare
species are not eliminated while populations of adaptable species increase in
population size, causing a log-series fit (Hill and Hamer 1998).
Certain taxa in benthic communities present within wastewater treatment effluent
areas are positively affected by an increase in the availability of nutrients from organic
matter. For example, Cairns and Dickson (1971) identified certain worms, leeches and
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snails as pollution-tolerant, while mayflies, stoneflies and caddisflies were more
sensitive to changes in conditions. This type of community is less dynamic than a more
rich unpolluted community. However, the eutrophication promotes a stable proportion of
taxa that can thrive, resulting in a log-series RAD distinct from reference sites
(Kalcounis-Rueppell et al. 2007; Dana et al. 2010). Considering industrial areas as more
recent (pulse) disturbances, producing inputs similar to municipal hotspots, RAD
distributions in these locations are typically distinct from unstressed reference
conditions (McGill et al. 2007) and are best represented by a log-series distribution
based on the principle of enrichment for some taxa, while others are unable to survive in
polluted conditions (Ferreira and Petrere-Jr. 2008).
Along a gradient of disturbance, as pollution increases rare species are
progressively eliminated and a stronger dominance by only a few species occurs (Gray
1989). This is exemplified in areas exposed to combined stress sources with a mix of
natural and anthropogenic influences, resulting in synergistic pressures and only a few
species dominating these communities (He and Tang 2008). These communities
typically follow a geometric series distribution (Williamson and Gaston 2005).
Another theoretical RAD that can be examined is the broken stick. This
distribution is rare in nature, and suggests some form of resource partitioning (Wilson
1993). In a community fitting this distribution, species are able to coexist at the same
relative abundances by utilizing different environmental niches (Qu et al. 2008).
Komonen and Elo (2017) suggest that species abundance distributions alone are
not always sufficient as indicators for environmental change. The use of ordination to
compare dissimilarity of sites based on composition of species in different locations is
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another useful tool in bioassessments to observe if the fauna of reference condition
sites differs from the biota in ‘test’ areas (Wright et al. 2000). Ordination methods seek
to provide a minimally distorted, lower dimensional representation of multidimensional
matrices of species and sites to reveal patterns of overlap or separation using
dissimilarities with a distance measure of choice (Poos 2009). The unconstrained nature
of non-Metric Multidimensional Scaling (nMDS) and the ability to adapt to Bray-Curtis
dissimilarities makes nMDS a useful tool in bioassessments (Gibson et al. 2015).

Lower Athabasca River: stressors and groundwater inputs

The Athabasca River originates from the Columbia Glacier in the Alberta
Rockies. The river’s course carries water from the mountains near the British Columbia
border in Central Alberta across the province toward the Northwest where it becomes
part of the Peace-Athabasca Delta. The final segment of the river, known as the Lower
Athabasca River, flows through the Athabasca Oil Sands Region (AOSR), where it is
subjected to multiple stressors. Considering the significant degree of environmental
heterogeneity along the Lower Athabasca River basin, these stressors may have
varying effects on biodiversity of communities present.
Numerous threats have been demonstrated to affect different portions of the
Athabasca River. Shotyk et al. (2017) identified stressors including climate change,
logging, pulp and paper mill effluents, drainage from coal mining, agricultural inputs,
municipal wastewaters, bituminous oil sands mining, and legacy uranium mining tailings
in the drainage basin of Lake Athabasca. A particularly vital expanse of the Lower
Athabasca River is the stretch flowing through Fort McMurray and continuing another
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200 km before the river drains into the Peace-Athabasca Delta, eventually becoming
part of Lake Athabasca near Wood Buffalo National Park (Candler et al. 2010). This part
of the Athabasca River is significant because of the large industry in the surrounding
region.
Naturally-derived polycyclic aromatic hydrocarbons (PAHs) and other
contaminants in the Lower Athabasca River and its tributaries have been a concern for
many years (Headley et al. 2001). Included in the natural constituents are metals in
sediment as well as suspended in the river and tributaries (Conly et al. 2007). More
recently, saline groundwater seepage into the Lower Athabasca River has been
identified as a potential natural stressor on the river basin (Jasechko et al. 2012). This
combination of saline groundwater and naturally occurring hydrocarbons (including
naphthenic acids) entering the system creates a long-term press perturbation in the
Lower Athabasca River, even prior to any anthropogenic activity in the region (Gibson et
al. 2013). Oil sands developments have altered the groundwater and surface water
inputs in the Lower Athabasca River. This incorporates bituminous-sourced
groundwater as well as constituents with oil sands processing signatures (Hall et al.
2012).
With bitumen production in the Alberta oil sands increasing significantly over the
last 20 years and projected to continue to grow further, there is undoubtedly a degree of
human-mediated contamination that directly or indirectly enters the Lower Athabasca
River. These contaminants, resulting from the extraction and processing of oil sands,
include Naphthenic Acids (NAs), PAHs, and a number of other toxic elements (Kelley et
al. 2009; Kelly et al. 2010; Ross et al. 2012). Pathways for anthropogenic stress on the
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system include atmospheric deposition from precipitation and other means (Zhang et al.
2016), runoff of snowmelt, and seepage from oil sands process-affected water held in
tailings ponds adjacent to the Athabasca River. More indirectly, alterations to the
watershed by drawing water from the river can permit hydrocarbons to enter the system
due to changes in hydrodynamics. This anthropogenic source of stress is less
quantifiable, considering the Lower Athabasca River itself is a constantly changing river
basin, even without the influence of industrial activity (Monk et al. 2012).
With both natural and anthropogenic stressors present, it is important to
understand the nature and intensity of their impacts on the invertebrate communities of
the Lower Athabasca River. In order to determine these impacts, it will be necessary to
sample independent sites exposed to natural and anthropogenic stresses. Replicating
this at sites considered as having unknown or mixed stress also allows for determining if
these sites are more reflective of natural or anthropogenic signatures. Comparing
biodiversity of BMI communities present at sites classified in these three categories
(natural, anthropogenic and unknown) to reference sites will help determine which
stressed sites are closer to the reference condition.
The Clearwater River is another sizable waterway that flows through the
municipality of Fort McMurray. It flows westward from Clearwater Provincial Park in
Saskatchewan and joins the Athabasca River in Fort McMurray. While not directly
adjacent to oil sands industry operations, and without previously identified saline seep
groundwater inputs, the connection of the Clearwater River to an urbanized area in Fort
McMurray has the potential for municipal inputs. Sites on the Clearwater River are also
valuable as potential reference conditions.
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1.2 Objectives and Hypotheses

The aim of my thesis is to assess biodiversity at sites along the Lower Athabasca
River adjacent to recognized oil sands operations, as well as upstream and downstream
of industry. I compared biodiversity at: (1) reference sites, (2) Saline hotspots, (3)
Municipal hotspots, (4) Unknown hotspots, and (5) Industrial hotspots. Sites were
further stratified by location in relation to Industrial sites (i.e. upstream, downstream, or
adjacent). My null hypothesis is that there are no statistically significant differences in
diversity and evenness between site types. My alternative hypotheses are that
communities will follow rank abundance distributions as follows:
(1) Reference sites: Lognormal distribution (Preston 1948; Ugland and Gray 1982).
(2) Saline hotspots: Lognormal distribution (Magurran and Henderson 2003).
(3) Municipal hotspots: Log-series distribution (Kalcounis-Rueppell et al. 2007; Dana
et al. 2010).
(4) Unknown hotspots: Geometric series distribution (He and Tang 2008).
(5) Industrial hotspots: Log-series distribution (Carballo and Naranjo 2002).
Finally, I hypothesize that ordination of community composition observed
between groups using ANOSIM and non-Metric Multidimensional Scaling (nMDS) will
demonstrate significant differences between communities based on Bray-Curtis
dissimilarities.

1.3 Methods

Study design
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The area covered in this study spans approximately 150 river km of the Lower
Athabasca River and Clearwater Rivers. Prior to choosing sites along the Lower
Athabasca River and Clearwater River for sampling, prospective stressed zones, or
hotspots, were identified using preliminary data available through geophysical maps that
were produced using electromagnetic methods to measure terrain conductivity across
the span of both rivers. The electromagnetic (EM) survey used induction read through a
terrain electroconductivity (EC) meter and coupled with a GPS to establish terrain
conductivity of the river bottom sediments and associated pore fluids (Alberta Research
Council 2009). Miall (2013) found that the electrical conductivity measured using this
methodology corresponded to concentrations of Na+, Cl–, SO42-, Ca2+ and Mg2+ ions as
well as naphthenic acids and pH. Previous work on pollutant inputs to the Athabasca
River, as summarized by Schindler (2013), has focused on air deposition and surface
water. With terrain conductivity and characterization of groundwater inputs, a valuable
link can be established between alternate sources of pollution and the biological
significance of them.
A threshold of terrain conductivity >60 mS/m on the map was used to mark
conductivity hotspots, where significant groundwater inputs were presumed to be
impacting water chemistry. Coupled with prior knowledge of the presence of saline
springs, municipal discharges and likely industrial seeps, this allowed me to categorize
hotspots into appropriate types. I took in situ environmental measurements of physical
characteristics of surface water to further validate the status of sites (Appendix 1.1),
however due to the intermittent reliability of the YSI multimeter device that was used,
data for water conductivity did not correlate to validated terrain conductivity surveys
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(Gibson et al. 2013). Although high terrain conductivity surveys may simply be an
indication of ionic content rather than toxic contaminants (Sandberg et al. 2002), these
areas were presumed to have significant groundwater inputs that were used as proxies
for stressors. Determining the true nature of these inputs requires further investigation
of water chemistry to identify the magnitude, sources and eventual dispersion of
groundwater inputs, which is currently ongoing (Donner et al. 2017; Javed et al. 2017). I
also used geophysical maps to note areas exhibiting low terrain conductivity (<30
mS/m) as stretches of the river without significant ionic constituents in the groundwater.
These areas represented sections where reference conditions could be chosen for
comparison with hotspots.

Field sampling
I selected sites based on the hotspot and reference areas determined in
preparation for sampling. Qualifiers I used in site selection included accessibility,
feasibility of benthic sampling, proximity to industry or municipal areas, corroborative
evidence from groundwater geochemistry data to support pre-evaluations of inputs and
best conformity to a balanced design by providing an even representation of site
categories in different parts of the study area. The farthest upstream site along the
Clearwater River was ~30 km from the confluence with the Athabasca River. On the
Athabasca River, accessibility to sites upstream of the confluence was limited to ~4 km.
The northernmost site sampled reached approximately 120 km from Fort McMurray on
the Lower Athabasca River. The two industry adjacent sites examined in this study were
30 km downstream from Fort McMurray and serve as a focal point from which other
sites are designated as upstream or downstream (Figure 1.1).
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I collected benthic macroinvertebrate samples at sites along the Clearwater River
and Lower Athabasca River in September and October of 2014 and August of 2015.
Each sample was obtained using a D-frame kick-net with a mesh size of 243 µm. The
standardized protocol for collection consisted of disturbing a 0.5 m2 quadrat of substrate
for 30 seconds, with the kick-net positioned in the water column on the downstream
edge of the sample area. Organisms and debris that were dislodged by the agitation
were carried by the flow into the net. The entire contents of the net was funneled into a
0.5 L Nalgene™ sample jar and was preserved in a lab prepared RNAlater solution (De
Wit et al. 2012). Each sample included both organisms and the substrate that also
accumulated in the net. When necessary, I used multiple jars to retain the entire
sample. I rinsed the kick-net and funneled anything along the sides into the sample jar
to ensure all organisms were collected. To avoid contamination of the next sample, I
thoroughly washed the net inside out. This was replicated at least 3 times at each site. I
took replicate samples in a downstream to upstream order to avoid biasing samples
taken successively. Sites spanned were between 6 m and 25 m along the riverbank and
samples were taken anywhere from 0.5 m to 5 m from shore where depths of 0.5-1 m
were encountered. Distance between replicates at individual sites varied between 2 m
and 12 m, but was always within the targeted hotspot or reference area being sampled.
In total, 61 samples were taken across sites in 2014 and 51 were taken in 2015, making
up a set of 112 total samples among 24 sites collected in the two sampling years
(Appendix 1.1).

Laboratory analysis
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I made observations of entire samples using a dissecting microscope to identify
and count macroinvertebrate specimens using keys of Clifford (1991) and Merritt and
Cummings (1996). Samples were processed in two stages. First, they were examined
according to basic morphological traits and sorting into 15 higher taxa (Table 1.1), then
organizing individual specimens based on type (unalterable or pliable), size and
abundance for use in subsequent experimentation and molecular analysis in Chapter 2.
After completing this pre-processing stage, I revisited samples and subsets of
representative individuals that had not been sacrificed for molecular analyses identified
them to a lower taxonomic rank (family or lower) beneath a dissecting microscope using
the same keys as previously described, as well as verification from taxonomic experts in
the invertebrate laboratory at the University of Windsor (J. Ciborowski, L. Barr and M.
Dobrin, personal communications, August-October, 2017, University of Windsor,
Department of Biological Sciences) to provide family level classification or lower.
Refined counts of subsets were extrapolated to counts of higher taxa from whole
samples. In some samples, I noted this level of taxonomy during the first stage of
analysis and included in it the advanced dataset. In addition, I conducted image
analysis of photographs that were taken under the microscope during the first phase of
identification to help in determining family level classifications. Finally, the confirmation
of taxonomy was corroborated by cross-referencing with species lists available in
datasets from other work that has included sampling at sites corresponding to those
sampled in this study. These lists specified the most common families, genera and
species that persist at sites and credible identifications for observed taxa present
(Boerger 1983; Environment and Climate Change Canada 2017). The secondary
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analysis resolved most of 15 higher taxa into 43 family or lower classifications, the
exceptions being Nematoda, Oligochaeta, Ostracoda and Hydrachnidia, which were not
identified further than the initial analysis in any samples (Table 1.2).

Statistical analysis
Shannon-Weaver diversity (H’) and evenness (J’) indices - both of which are
common descriptors in initial community biodiversity assessments (Morris et al. 2014) were measured at each site. H’ diversity and J’ evenness (derived from H’) were
calculated for the full dataset in R (R Core Team, 2014) for each sample using the
diversity function in the vegan package (Oksanen et al. 2013). One-way Analysis of
Variance tests (ANOVA) were conducted in StatPlus:mac to compare the effect of site
types on mean Shannon’s diversity (H’) and evenness (J’) at reference sites (upstream
and downstream of industry), Saline seep hotspots (upstream and downstream of
industry), Industrial hotspots, Municipal hotspots and Unknown hotspots (upstream and
downstream of industry). As well, a one-way ANOVA was done on H’ and J’ measures
of upstream sites. These sites were grouped to compare both Unknown and Saline
seep sources of high conductivity from Municipal sites and Reference sites. The same
procedure was done with Downstream sites with Unknown and Saline seep sources of
high conductivity compared with Industrial sites and Reference sites. Finally, two-factor
ANOVAs were conducted to compare the main effects of location (upstream and
downstream) and conductivity (high and low) and the interaction effect between location
and conductivity on H’ diversity and J’ evenness. Following statistically significant
results, post hoc tests were conducted to determine which categories of sites differed
from one another.
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Rare and abundant taxa in community data can skew results of species
abundance distributions, preventing communities from fitting the appropriate model
when plotted on a log-scale (McGill 2003). Distortion of composition data due to the
presence of either rare or dominant taxa can also occur in ordination methods leading to
false trends (Paliy and Shankar 2016). To prevent these issues in data analysis, I logtransformed organism counts using the formula log (x + 1) with x being the abundance
in each sample, creating a new dataset that downweights the effect of the most
dominant and upweights the least common taxa. Log transformation of data is valuable
when identifying patterns and interpreting results as it helps meet assumptions of many
statistical methods (McMurdie and Holmes 2014). Use of log-transformed data also
makes it easier to determine whether differences occur between communities and
reduces the impact of species counted in only a few samples or those that are
inordinately abundant in many samples when plotted as rank-abundances or in
ordination biplots (Orendt et al. 2012).
Rank-abundance distributions (RADs) were plotted using log-transformed
abundance of taxa counted for reference sites (upstream and downstream of industry);
Saline seep hotspots (upstream and downstream of industry); and Industrial hotspots,
Municipal hotspots and Unknown hotspots (upstream and downstream of industry).
RADs of each group were examined using in the fitsad function in the R package sads
to employ the Maximum Likelihood Estimation (MLE) method of determining the best
fitting distributions for each group (Prado et al. 2016; R Core Team 2014). Four models
of abundance distributions were assessed, generating an Akaike Information Criterion
(AIC) table for lognormal, log-series, geometric series and broken-stick models.
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Multivariate analyses were used to determine differences between communities
for site types and assess the importance of groundwater inputs from distinct sources in
different areas on observed composition among sites grouped (Stark et al. 2014). BrayCurtis dissimilarity indices (Clarke and Warwick 2001) were calculated for all sites. This
was also based on log-transformed abundance counts. Sites were ordinated using nonMetric Multidimensional Scaling (nMDS) and grouped for visualization with 95%
confidence interval ellipses for each category of sites. The nMDS analysis was done
using the metaMDS function in the vegan package. Ellipses were drawn around 95% CI
clusters of sites in each category of nMDS plots using the ordiellipse function in the
vegan R package. Sites were grouped and tested pairwise using an Analysis of
Similarities (ANOSIM) to determine significant differences between communities in
composition (Damasceno Junior et al. 2015). Pairwise ANOSIM analyses were also
conducted in vegan and utilized the anosim function with 999 permutations (Oksanen et
al. 2013).

1.4 Results

A total of 47,280 macroinvertebrate specimens were observed in the 112
samples collected. These were sorted into 15 rough taxonomic groups (Table 1.1). The
most abundant taxa were the family Chironomidae (26,809 individuals) and the class
Ostracoda (10,571 individuals), which accounted for 56% and 26% of total abundance,
respectively. Chironomidae were also the most widespread taxa occurring in 110 of 112
replicates. Of the 43 families, genera or species observed after refining taxonomic ranks
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in the full dataset, 14 were relatively rare, occurring in less than 5% of 112 replicates
(Table 1.2).
The highest mean Shannon diversity (H’) of 1.38 (± 0.16 variance) was found
among Reference sites Upstream (Table 1.3). However, a one-way ANOVA found no
statistically significant difference between any groups for H’ in the eight categories of
site classifications (F7,104 = 0.93, P>0.05) (Table 1.4). Here, the null hypothesis could
not be rejected and consequently mean H’ diversity between site types did not vary
between or within any of the groups. The highest mean evenness (J’) of 0.69 (± 0.03
variance) also occurred within Reference sites Upstream (Table 1.3). A statistically
significant relationship was found between mean evenness and site types for the eight
categories of site classifications tested (F7,104 = 2.52, p<0.05) (Table 1.5). Thus, the null
hypothesis was rejected as at least one significant difference in measured mean
evenness was observed between groups. Levene’s test ensured the assumption of
homogeneity of variances was not violated for J’ (F7,104 = 1.07, P = 0.39). There was a
statistically significant difference in the J’ evenness measures between Reference
Upstream sites (x̅ =0.6872, SD=0.1780) and Industrial sites (x̅ =0.5245, SD=0.1454) and
between Reference Upstream sites (x̅ =0.6872, SD=0.1780) and Saline Downstream
sites (x̅ =0.5189, SD=0.2157) at the Bonferroni corrected α = 0.00625 significance level
according to post hoc paired t-tests to compare evenness between site categories.
(Table 1.6).
H’ diversity was not significantly different at Low conductivity, High conductivity
and Municipal sites according to a one-way ANOVA comparing differences between
groups for H’ in upstream sites with (F2,52 = 1.48, P>0.05) (Table 1.7). The null
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hypothesis was accepted and consequently mean H’ diversity between these upstream
sites did not vary between or within any of the groups. Mean H’ diversity was not
significantly different between groups for mean compared in downstream sites with Low
conductivity, High conductivity and Industrial sites demonstrated by a one-way ANOVA
(F2,54 = 0.83, P>0.05) (Table 1.8).
Evenness (J’) in upstream sites with Low conductivity, High conductivity and
Municipal sites was significantly different determined using a one-way ANOVA between
groups for mean J’ (F2,52 = 5.46, p<0.05) (Table 1.9). Thus, the null hypothesis was
rejected as at least one significant difference in measured mean evenness was
observed between groups, requiring further analysis. Levene’s test ensured the
assumption of homogeneity of variances was not violated (F2,52 = 1.43, P>0.05). J’
evenness measures between upstream sites with Low conductivity (M=0.6872,
SD=0.1780) and Municipal sites (M=0.4443, SD=0.0770) were statistically significant at
the Bonferroni corrected α = 0.016 significance level as observed in post hoc paired
samples t-tests comparing J’ between upstream sites with Low conductivity, High
conductivity and Municipal sites (Table 1.10). Evenness J’ in Downstream Low
conductivity, Downstream High conductivity and Industrial sites were not significantly
different as found using a one-way ANOVA between groups for mean J’ in downstream
sites (F2,54 = 0.71, P>0.05) (Table 1.11). Again, the null hypothesis was accepted,
leading to the conclusion that no statistically significant difference is present in mean J’
between any downstream sites.
Two independent variables (Location and Conductivity) showed no statistical
significance for effect on mean diversity (H’) for either factor or the interaction between
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them in a two-way ANOVA to compare influence of the two factors (F11,81 = 0.27,
P>0.05; F21,81 = 1.50, P>0.05; F1xF21,81 = 0.03, P>0.05) (Table 1.12). Location also
indicated no statistical significance for its effect on J’ evenness (F11,81 = 2.35, P>0.05)
or the interaction between Location and Conductivity (F1xF21,81 = 0.48, P>0.05), in a
two-way ANOVA to compare influence of these two independent variables. However,
this analysis did yield a statistically significant effect of conductivity on J’ (F21,81 = 5.25,
P<0.05) (Table 1.13).
Rank abundance distribution (RAD) curves were used to visualize the taxa
observed in communities from most abundant to least abundant (Figure 1.2). The
number of taxa (richness) in communities represented in these plots ranged from 17
distinct families observed in the Saline Upstream site to 38 distinct families in Unknown
Upstream sites. Consistent with my predictions, the best supported distribution models
for RADs in Unknown hotspots Upstream and Industrial hotspots were geometric and
log-series respectively, according to the maximum likelihood estimations (Table 1.14).
The Unknown Downstream of industry site had equal support for both lognormal and
geometric distributions. Other communities did not fit best with models as predicted,
according to maximum likelihood estimates. Reference Upstream were best fit with
broken stick, Reference Downstream were best fit with log-series, Saline Upstream best
fit with geometric, Saline Downstream best fit with log-series, and Municipal hotspots
best fit with geometric (Table 1.14, Figure 1.3).
ANOSIM analysis demonstrated that benthic macroinvertebrate communities
varied with site types, as a global ANOSIM between all categorized sites indicated a
significant difference in dissimilarities (ANOSIM R statistic: 0.1949, P = 0.001).
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According to pairwise ANOSIM analysis (Table 1.15), samples of Downstream
Unknown and Upstream Saline categories were the most dissimilar, and there was no
clear differentiation between the samples from the other categories. There were
similarities between most categories, with the exceptions of Reference Upstream vs
Saline Upstream, Municipal vs Saline Upstream, Reference Downstream vs Saline
Upstream and every pairwise comparison with Unknown Downstream (Table 1.15).
Visually, nMDS differentiated Saline Upstream from Saline Downstream and Industrial
communities with ellipses around these sites separated (Figure 1.4). As well, Unknown
Downstream does not overlap with Saline Downstream, Industrial, or Reference
Downstream sites (Figure 1.4).

1.5 Discussion

Studying biodiversity in the Lower Athabasca River is essential to determine
effects of anthropogenic influences on this important ecosystem. Studies of benthic
macroinvertebrate biodiversity in particular are fundamental to understanding and
potentially differentiating natural and anthropogenic inputs into the different areas of the
river (Arciszewski et al. 2017). Generally, I found heterogeneity in diversity measured
across sites as demonstrated by results of H’ diversity compared at the community level
in categories of sites established for this study (Table 1.4). This heterogeneity was also
observed with analysis of H’ diversity in Upstream sites with High conductivity, Low
conductivity and Municipal sites demonstrating no effect of high conductivity or proximity
to Municipal inputs on H’ (Table 1.7). Similarly, analysis of diversity in the downstream
reaches suggested that Low conductivity, High conductivity and Industrial sites did not
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differ providing evidence that conductivity and proximity to oil sands industry do not
affect diversity (Table 1.8). Previous studies have confirmed that the number of distinct
invertebrate orders and families decrease in a linear relationship with increasing latitude
and altitude on a global scale (Jacobsen et al. 1997). Considering the area in which I
sampled, and the family level of taxonomic organization used, difficulty in parsing
diversity between different locations conforms to these trends.
Mean evenness (J’) revealed some differences between sites in my study (Table
1.5). Specifically, Reference Upstream sites differed in evenness from Industrial and
Saline Downstream sites (Table 1.6). This suggests that evenness may be related to
low conductivity. However, upstream Reference sites were largely limited to the
Clearwater River as five of the seven sites (including replication between years) in this
category were on this system. Sampling high and low conductivity sites on both rivers
for comparison would expose any differences between the rivers rather than upstream
or downstream areas of the larger scale system. Another limitation here is the absence
of high conductivity hotspots sampled on the Clearwater River to compare with. More
stratified sampling of this river in particular would indicate if species evenness is driven
by location or low conductivity, as my results indicate. A difference in evenness was
also observed between upstream low conductivity Reference sites as compared to
Municipal sites (Table 1.9, Table 1.10). Decreases in the evenness of benthic
macroinvertebrate communities are not uncommon in wastewater effluent areas
(Krumhansl et al. 2014). However, the limitation of lack of replication for low conductivity
sites in proximity to the Municipal sites possibly confounds these results.
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Using RADs to observe species richness and evenness in communities provides
a more advanced ability to compare different sites than biodiversity indices alone
(Magurran 2004). Rank abundance distributions for the sites I analyzed demonstrated
contrasting patterns in the shapes of the curves in different communities (Figure 1.2).
Most curves were contrary to the expected best-fit distribution models, with the
exceptions of Unknown Upstream sites, which adhered best with geometric series, and
Industrial sites, which fit a log-series distribution. In a number of cases, the maximum
likelihood estimation method indicated strong support for multiple distributions (Table
1.14). This suggests possible multimodality in the abundance distributions of my
communities (Antão et al. 2017). Well-established species distribution models for
reference condition communities typically follow lognormal distributions (Unterseher et
al. 2011). Nearly all of the sites grouped in my study lacked strong support for lognormal
RADs (Figure 1.3). These results do not preclude Reference sites from being
considered undisturbed communities, however, should also not be conflated with being
of higher environmental quality based on distinctiveness from other communities in best
fitting distributions among them (Rosenberg et al. 2004). Notably, the Downstream
Reference sites, Industrial sites and Downstream Saline seep sites were all consistent
with the log-series distribution. This indicates that low conductivity sites, as well as sites
with high conductivity from industrial or natural sources, exhibit similar patterns. In the
upstream segments of the study area, Upstream Saline seep, Upstream Unknown and
Municipal all followed geometric distributions. Coinciding with previous results
surrounding evenness measures, this reveals a link with high conductivity influencing
abundance patterns that have been demonstrated before (Kim et al. 2016). An
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important distinction can be made between industry adjacent sites and Municipal sites.
Overall, I observed strong support for log-series at the Industrial sites, while the
Municipal sites were closest to the geometric distribution (Table 1.14, Figure 1.3). This
evidence shows that anthropogenic inputs can affect species abundance and evenness
in unique ways. I can conclude from maximum likelihood estimations and best-fit lines
for RAD shapes of taxon distributions that some differences exist between communities,
though sites did not follow theoretical distributions (Matthews and Whittaker 2004).
I was not able to ensure a balanced design in representing different stressors
and reference sites in this study. Where possible, I used pseudo-replication of sites as a
measure to balance the design of the study, however, the nature of the study area and
accessibility of sites was not entirely conducive to allow this. There are pitfalls to
consider when conducting a bioassessment with an unbalanced design. A single site
assessment of a community RAD can cause false identification of patterns due to a lack
of adequate sample size from the community (Chao et al. 2014). Many studies have
demonstrated estimation tools that aid in resolving the limitation of sampling effects on
the ability to compare biodiversity between communities (Chao et al. 2005; Cardoso et
al. 2009). These tools use accumulation and rarefaction curves, which may be individual
or sample-based to avoid issues of unbalanced sampling effects by providing
standardized richness estimates across datasets (Gotelli and Colwell 2001). In my
study, using rarefaction curves based on the abundance of species at sites sampled
across all communities can be used to provide diversity data that can be used in RAD
comparisons (Stier et al. 2016). Abundance data that I have collected from sites can be
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applied to use this methodology in future studies of the Lower Athabasca River, allowing
for my robust RAD comparisons.
Categories of sites analyzed demonstrated most communities are more similar
than dissimilar in composition of taxa through the Analysis of Similarities (ANOSIM)
using Bray-Curtis dissimilarities between sites (Table 1.15). This was corroborated by
the 95% confidence interval ellipses around data points in nMDS plots (Figure 1.4).
Downstream Unknown appears to be distinct from any other groups, with ANOSIM R
statistics for all pairwise comparisons close to zero and p-values significant, indicating
that within and between groups dissimilarities were the same on average. However, this
result is most likely due to sample size as Downstream Unknown was only represented
by one site. Similarly, the Upstream Saline group lacked overlap with other sites and
was also only represented by a single site. In addition to more intensive sampling,
simulation based techniques with uneven datasets can be conducted to rectify these
sample size issues (Forcino et al. 2015). While differences between species
composition were demonstrated between many pairwise groups, some of these
distinctions are due to the sensitivity of ANOSIM to heterogeneity. Another global test
that can be applied to pairwise groups is Permutational Analysis of Variance
(PERMANOVA), which is also regarded as a more robust technique, however it would
be too conservative here (Anderson and Walsh 2013). Significant overlap between
Industrial and Municipal sites is of particular importance as it would indicate persistence
of a similar complement of organisms to these widely differing anthropogenic inputs
(Hirst and Jackson 2007).
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An environmental gradient could not be recognized with the current species
count data. I recommend further sampling and through review of current work to assess
groundwater inputs in order to establish a more robust relationship between
environmental variables and biodiversity of benthic macroinvertebrate organisms. This
future direction can help clarify if and how industrial inputs differ from other
anthropogenic sources and natural inputs with respect to the organisms present. To
follow-up the results of this work, without further sampling, tolerance values of the taxa I
observed can be applied to my abundance data to inform the severity of impacts at sites
(Allen 2004). Tolerance ratings for families of taxa that I observed, have been presented
in previous studies and can be used to calculate the Hillsenhoff biotic index for each
community (Hilsenhoff 1988). For example, Ephemeroptera, Plecoptera and Tricoptera
(EPT) families are given relatively low tolerance ratings, while Chironomidae and other
families of the order Diptera are given higher ratings (Barbour et al. 1999). These
ratings are based on tolerance to pollution and thereby utilize abundance and provide a
better ecological significance than diversity measures alone (Bode et al. 1996).
In this study, I was able to determine that locations on the Lower Athabasca and
Clearwater Rivers possess similar benthic macroinvertebrate diversity at upstream and
downstream sites as well as at sites with high conductivity stressors or influences.
Some distinctions were identified through evenness measures as observed with
taxonomic rank distributions at sites with high conductivity. Rank abundance
distributions vary in the shape they follow and do not follow theoretical models. In my
study, Reference and test sites exhibited distributions that indicate there are no impacts
of oil sands Industry on RADs and Municipal are not measurable. It follows that any
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impacts that may be present due to oil sands Industry or Municipal sewage treatment
inputs are not significant and not distinct from one another. As well, significant
dissimilarity in the composition of communities was present between many categories of
sites, however this was not apparent through nMDS ordination alone.
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Table 1.1: List of 15 higher taxa observed in first stage of morphological analysis of 112
samples. Individuals from each taxon were separated and organized for secondary
processing based on type (unalterable or pliable), size and abundance within sample.
Asterisk (*) denotes taxa not resolved further in secondary analysis.

Taxon
*Chironomidae
Diptera
Ephemeroptera
Hemiptera
Odonata
Plecoptera
Trichoptera
*Ostracoda
Bivalvia
Gastropoda
*Nematoda
*Oligochaeta
*Hydrachnidia
*Hyallela azteca
*Erpobdella obscura
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Rank
Family
Order
Order
Order
Order
Order
Order
Class
Class
Class
Phylum
Subclass
Superfamily
Species
Species

Table 1.2: List of 43 taxa recorded at family level or lower during morphological analysis
of 112 samples. Abbreviated codes indicate labels used for each taxon in ordination
plots. Asterisk (*) denotes taxa observed in <5% frequency in all samples.
Taxon
Leptophlebiidae
Analetris
Siphlonuridae
Ameletus
Ephemerellidae
Heptageniidae
Ametropus
Leptohyphidae
Caenidae
Baetidae
Ephemeridae
Oligoneuriidae
*Pteronarcyidae
*Perlidae
*Nemouridae
Taeniopterygidae
Perlodidae
Limnephilidae
*Polycentropodidae
Brachycentridae
*Odontoceridae
Hydropsychidae
Chironomidae
*Athericidae
*Simuliidae
*Tipulidae
Tabanidae
*Dixidae
Ceratopogonidae
Empididae
Corixidae
Gomphidae
Nematoda
Oligochaeta
*Valvatidae
*Hydrobiidae
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Rank

Code

Family
Genus
Family
Genus
Family
Family
Genus
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Family
Phylum
Subclass
Family
Family

LEP
ANA
SIP
AME
EPH
HEP
AMT
LEPT
CAE
BAE
EPM
OLGN
PTR
PER
NED
TAE
PED
LIM
POL
BRA
ODO
HYD
CHI
ATH
SIM
TIP
TAB
DIX
CER
EMD
COR
GOM
NEM
OLGC
VAL
HYDB

Table 1.2 (continued):
Taxon
Lymnaeidae
Ostracoda
Sphaeriidae
*Unionidae
Hydrachnidia
*Hyalella azteca
*Erpobdella obscura
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Rank

Code

Family
Class
Family
Family
Superfamily
Species
Species

LYM
OST
SPH
UNI
HYDN
HyA
ErO

Table 1.3: Mean Shannon-Weaver diversity (H’) and evenness index (J’) for all sites
grouped as Reference sites (upstream and downstream of industry); Saline seep
hotspots (upstream and downstream of industry); Industrial hotspots, Municipal hotspots
and Unknown hotspots (upstream and downstream of industry). SD = standard
deviation of the mean

Industrial
Municipal
Reference Down
Reference Upstream
Saline Down
Saline Upstream
Unknown Down
Unknown Upstream
Total

N
18
9
12
21
24
3
3
22
112

Mean H’ (SD)
1.11 (0.47)
1.05 (0.74)
1.32 (0.49)
1.38 (0.40)
1.19 (0.38)
1.07 (0.42)
1.42 (0.38)
1.27 (0.45)
1.24 (0.46)
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Mean J’ (SD)
0.52 (0.15)
0.22 (0.28)
0.59 (0.22)
0.69 (0.18)
0.52 (0.18)
0.44 (0.15)
0.61 (0.16)
0.58 (0.17)
0.57 (0.19)

Table 1.4: One-way ANOVA comparing effect of site types on Shannon diversity (H’) for
eight categories of site classifications grouped as Reference sites (upstream and
downstream of industry); Saline seep hotspots (upstream and downstream of industry);
Industrial hotspots, Municipal hotspots and Unknown hotspots (upstream and
downstream of industry).
Source
Between Groups
Within Groups
Total

Sum of
squares
1.39
22.23
23.62

df

Mean square

F

Significance

7
104
111

0.20
0.21

0.93

0.49
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Table 1.5: One-way ANOVA comparing effect of site types on evenness (J’) for eight
categories of site classifications grouped as Reference sites (upstream and downstream
of industry); Saline seep hotspots (upstream and downstream of industry); Industrial
hotspots, Municipal hotspots and Unknown hotspots (upstream and downstream of
industry). Statistical significance at α = 0.05 level indicated in boldface.
Source
Between Groups
Within Groups
Total

Sum of
squares
0.60
3.57
4.17

df

Mean square

F

Significance

7
104
111

0.09
0.03

2.52

0.019
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Table 1.6: Paired t-test post hoc analysis with Bonferroni corrections of mean evenness
(J”) between eight site types categorized. All t-test statistics for pairwise comparisons of
categories were evaluated at α = 0.00625 significance level using the Bonferroni
correction. Statistically significant differences present between Reference Upstream
sites vs Industrial sites and Saline Downstream sites as indicated in boldface.
Mean J’ (SD)
0.6872 (0.1780)

Reference Upstream (n=21) vs
Saline Upstream (n=3)
Unknown Upstream (n=22)
Municipal (n=9)
Industrial (n=18)
Reference Downstream (n=12)
Saline Downstream (n=24)
Unknown Downstream (n=3)
Saline Upstream (n=3) vs
Unknown Upstream (n=22)
Municipal (n=9)
Industrial (n=18)
Reference Downstream (n=12)
Saline Downstream (n=24)
Unknown Downstream (n=3)
Unknown Upstream (n=22) vs
Municipal (n=9)
Industrial (n=18)
Reference Downstream (n=12)
Saline Downstream (n=24)
Unknown Downstream (n=3)
Municipal (n=9) vs
Industrial (n=18)
Reference Downstream (n=12)
Saline Downstream (n=24)
Unknown Downstream (n=3)
Industrial (n=18) vs
Reference Downstream (n=12)
Saline Downstream (n=24)
Unknown Downstream (n=3)

T-test statistic
0.0301
0.0539
0.0068
0.0038
0.1944
0.0028
0.4798

0.4365 (0.1455)
0.1833
0.9792
0.3440
0.2557
0.4490
0.2354
0.5809 (0.1733)
0.0989
0.2783
0.8372
0.2372
0.7927
0.4411 (0.2775)
0.3108
0.1683
0.3454
0.3517
0.5245 (0.1454)
0.2928
0.9136
0.3668
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Table 1.6 (continued):
Mean (SD)
0.5949 (0.2157)

Reference Downstream (n=12) vs
Saline Downstream (n=24)
Unknown Downstream (n=3)
Saline Downstream (n=24) vs
Unknown Downstream (n=3)
Unknown Downstream (n=3)

T-test statistic
0.2667
0.9179

0.5189 (0.1773)
0.4101
0.6090 (0.1573)
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Table 1.7: One-way ANOVA comparing effect of site types on diversity (H’) for three
categories of sites Upstream of industry grouped as Low Conductivity (Reference); High
Conductivity hotspots; and Municipal hotspots.
Source
Between Groups
Within Groups
Total

Sum of
squares
0.70
12.27
12.97

df

Mean square

F

Significance

2
52
54

0.35
0.24

1.48

0.24
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Table 1.8: One-way ANOVA comparing effect of site types on diversity (H’) for three
categories of sites Downstream sites grouped as Low Conductivity (Reference); High
Conductivity hotspots; and Industrial hotspots.
Source
Between Groups
Within Groups
Total

Sum of
squares
0.32
10.21
10.53

df

Mean square

F

Significance

2
54
56

0.16
0.19

0.83

0.44
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Table 1.9: One-way ANOVA comparing effect of site types on evenness (J’) for three
categories of sites Upstream of industry grouped as Low Conductivity (Reference); High
Conductivity hotspots; and Municipal hotspots. Statistical significance at α = 0.05 level
indicated in boldface.
Source
Between Groups
Within Groups
Total

Sum of
squares
0.42
1.98
2.39

df

Mean square

F

Significance

2
52
54

0.21
0.04

5.46

0.007
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Table 1.10: Paired t-test post hoc analysis with Bonferroni corrections of mean
evenness (J”) between three categories of Upstream sites grouped as Low conductivity
(Reference); High conductivity; and Municipal. All t-test statistics for pairwise
comparisons of categories were evaluated at α = 0.016 significance level using the
Bonferroni correction. Statistically significant difference present between Low
conductivity sites vs Municipal sites as indicated in boldface.
Mean J’ (SD)
0.6872 (0.1780)

Low conductivity (n=21) vs
High conductivity (n=25)
Municipal (n=9)
High Conductivity (n=25) vs
Municipal (n=9)
Municipal (n=9)

t-test statistic
0.0220
0.0068

0.5636 (0.1741)
0.1339
0.4443 (0.0770)

64

Table 1.11: One-way ANOVA comparing effect of site types on evenness (J’) for three
Downstream sites categorized as Low Conductivity (Reference); High Conductivity
hotspots; and Industrial hotspots.
Source
Between Groups
Within Groups
Total

Sum of
squares
0.04
1.66
1.71

df

Mean square

F

Significance

2
54
56

0.02
0.03

0.71

0.50
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Table 1.12: Two-way ANOVA comparing diversity (H’) at categories of sites grouped by
Location (Upstream/Downstream) and Conductivity (High/Low).
Source
Location
Conductivity
Location x Conductivity
Error

Sum of
squares
0.05
0.27
0.01
14.34

df

Mean square

F

Significance

1
1
1
81

0.05
0.27
0.01
0.18

0.27
1.50
0.03

0.60
0.22
0.86
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Table 1.13: Two-way ANOVA comparing evenness (J’) at categories of sites grouped
by Location (Upstream/Downstream) and Conductivity (High/Low). Statistical
significance at α = 0.05 level indicated in boldface.
Source
Location
Conductivity
Location x Conductivity
Error

Sum of
squares
0.08
0.17
0.16
2.67

df

Mean square

F

Significance

1
1
1
81

0.08
0.17
0.16
0.03

2.35
5.25
0.48

0.13
0.02
0.49
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Table 1.14: Maximum likelihood estimates for best fitting distribution models using
Akaike information Criterion (AIC) for four theoretical species distributions applied to
rank-abundance curves from eight categories of sites sampled. Akaike weights with
strongest supported model in each category indicated in boldface.
Distribution model
Reference
Upstream
Log Normal
Log-Series
Geometric
Broken Stick
Saline Upstream
Log Normal
Log-Series
Geometric
Broken Stick
Unknown Upstream
Log Normal
Log-Series
Geometric
Broken Stick
Municipal
Log Normal
Log-Series
Geometric
Broken Stick
Industrial
Log Normal
Log-Series
Geometric
Broken Stick
Reference
Downstream
Log Normal
Log-Series
Geometric
Broken Stick

Loglikelihood

AIC

∆
AIC

Number of
parameters (K)

Relative
likelihood

Akaike
weight

-54.05
-60.09
-54.78
-55.71

112.1
122.2
111.6
111.4

0.7
10.8
0.1
0.0

2
1
1
0

0.704
0.005
0.951
1.000

0.265
0.002
0.358
0.375

-8.33
-9.39
-8.97
-10.97

20.7
20.8
19.9
21.9

0.7
0.8
0.0
2.0

2
1
1
0

0.704
0.670
1.000
0.377

0.256
0.244
0.364
0.137

-78.89
-80.42
-79.54
-81.39

161.8
162.8
161.1
162.8

0.7
1.8
0.0
1.7

2
1
1
0

0.704
0.407
1.000
0.427

0.277
0.160
0.394
0.168

-48.09
-48.49
-47.98
-49.99

100.2
99.0
98.0
100.0

2.2
1.0
0.0
2.0

2
1
1
0

0.333
0.607
1.000
0.377

0.144
0.262
0.432
0.163

-51.42
-48.7
-52.28
-53.94

106.8
99.4
106.6
107.9

7.4
0.0
7.2
8.5

2
1
1
0

0.025
1.000
0.027
0.014

0.023
0.938
0.025
0.013

-47.48
-47.12
-47.54
-49.74

99.0
96.2
97.1
99.5

2.7
0.0
0.8
3.2

2
1
1
0

0.259
1.000
0.670
0.202

0.122
0.469
0.314
0.095
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Table 1.14 (continued):
Distribution model
Saline Downstream
Log Normal
Log-Series
Geometric
Broken Stick
Unknown
Downstream
Log Normal
Log-Series
Geometric
Broken Stick

Loglikelihood

AIC

∆
AIC

Number of
parameters (K)

Relative
likelihood

Akaike
weight

-62.67
-62.39
-64.65
-66.98

129.3
126.8
131.3
134.0

2.6
0.0
4.5
7.2

2
1
1
0

0.273
1.000
0.105
0.027

0.194
0.712
0.075
0.019

-14.14
-15.95
-15.16
-17.59

32.3
33.9
32.3
35.2

0.0
1.6
0.0
2.9

2
1
1
0

1.000
0.449
1.000
0.235

0.374
0.167
0.374
0.088
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Table 1.15: Analysis of Similarities (ANOSIM) on pairwise combinations of upstream and downstream Reference sites,
Saline hotspots, Unknown hotspots, Municipal hotspots and Industrial hotspots using Bray-Curtis dissimilarities. ANOSIM
R statistics (corresponding P-values) in boldface are statistically significant (P < 0.05).
Upstream Upstream
Reference
Saline
Upstream
Reference

Upstream
Unknown

Municipal

Industrial

Downstream Downstream Downstream
Reference
Unknown
Saline

0.03607
0.1509
0.2002
0.2506
(P=0.368) (P=0.001) (P=0.022) (P=0.001)

0.113
(P=0.045)

-0.1827
(P=0.842)

0.2743
(P=0.001)

0.3541
0.2688
0.4668
(P=0.029) (P=0.055) (P=0.025)

0.3156
(P=0.067)

0.4444
(P=0.1)

0.3418
(P=0.007)

0.3162
0.2382
(P=0.006) (P=0.001)

0.2514
(P=0.03)

-0.06216
(P=0.671)

0.1041
(P=0.013)

0.2903
(P=0.01)

0.1672
(P=0.028)

0.1586
(P=0.127)

0.2781
(P=0.005)

0.1345
(P=0.025)

0.3692
(P=0.074)

0.1459
(P=0.005)

0.1208
(P=0.177)

0.152
(P=0.033)

Upstream
Saline

0.03607
(P=0.368)

Upstream
Unknown

0.1509
0.3541
(P=0.001) (P=0.029)

Municipal

0.2002
0.2688
0.3162
(P=0.022) (P=0.055) (P=0.006)

Industrial

0.2506
0.4668
0.2382
(P=0.001) (P=0.025) (P=0.001)

0.2903
(P=0.01)

Downstream
Reference

0.113
0.3156
(P=0.045) (P=0.067)

0.2514
(P=0.03)

0.1672
0.1345
(P=0.028) (P=0.025)

Downstream
Unknown

-0.1827
(P=0.842)

-0.06216
0.1586
0.3692
(P=0.671) (P=0.127) (P=0.074)

0.1208
(P=0.177)

Downstream
Saline

0.2743
0.3418
0.1041
0.2781
0.1459
(P=0.001) (P=0.007) (P=0.013) (P=0.005) (P=0.005)

0.152
(P=0.033)

0.4444
(P=0.1)
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0.1076
(P=0.154)
0.1076
(P=0.154)

d map

Figure 1.1: Map of sites sampled. Reference sites and hotspots categorized
based on surveys of terrain conductivity across Lower Athabasca and Clearwater
Rivers. Hotspots are differentiated by high (>60 µS/m) terrain conductivity, while
Reference sites have low (>30 µS/m) terrain conductivity. Hotspots may be
further categorized based on source of groundwater inputs as natural Saline,
Industrial, Municipal or Unknown. Sites were also assessed in relation to
proximity to industrial operations adjacent to Lower Athabasca River (Upstream,
Adjacent, Downstream).
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CW 3

Fort
McMurray
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CW 1

Figure 1.2: Rank-abundance distribution (RAD) plots for communities observed at sites

grouped as reference sites upstream of industry, saline sites upstream, unknown sites
upstream, municipal sites, industrial sites, reference sites downstream of industry,
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Figure 1.3: Best fitting models for rank-abundance distributions determined by Akaike
weights in the maximum likelihood estimations for each category: Reference
upstream— broken-stick; Reference downstream— log-series; Saline upstream—
geometric; Saline downstream— log-series; Unknown Upstream— geometric; Unknown
downstream— lognormal or geometric; Municipal— geometric; and Industrial— log-
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series.
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Figure 1.4: Non-metric multidimensional scaling (nMDS) based on log-transformed
counts of 43 taxa (letters in black; see Table 1.2) in eight categories of sites. Ellipses
represent 95% confidence intervals of sites groupings. The stress level signifies the
accuracy of the ordination for representing original dissimilarities in two dimensions.
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CHAPTER 2
METABARCODING OF BENTHIC COMMUNITIES FROM BULK ENVIORNMENTAL
SAMPLES FOR APPLICATIONS IN BIOASSESSMENTS

2.1 Introduction
The health of benthic macroinvertebrate communities is widely accepted as a key
to environmental quality. Decisions aiming to conserve biodiversity rely on biomonitoring
and bioassessments to provide this information. The United States Environmental
Protection Agency’s (US EPA) Rapid Bioassessment Protocols (RBPs) have been
developed since the 1980s in order to accelerate the process of producing thorough
biological surveys for multiple habitats and taxa. Using these surveys has enabled
appropriate management and conservation decisions to be made. RBPs are used to
provide comprehensive, yet cost-effective data regarding conditions of streams. Over
decades, the principles within these protocols have been adapted, modified and
improved to suit regions across the United States and around the world (Boonsoong et
al. 2009; Buss et al. 2010). Owing to the efficiency of these methods and the quick turnaround between sampling and relaying results to the public, environmental managers,
and other stakeholders, they have become valuable in ensuring management decisions
can be made in a timely manner and based on scientifically valid data. Particularly
useful is the use of RBPs to measure impacts of human activities, as evaluating
anthropogenic influences on freshwater environments is often the focus of a monitoring
program beyond establishing baseline information (Barbour 1999). Organisms sampled
and observed using classical microscopy methods in RBPs are identified to the lowest
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achievable level of taxonomic organization (Bailey et al. 2001). This requires experience
and expertise by qualified taxonomists to attain a suitable representation of benthic
macroinvertebrate communities for reliable bioassessments (Bailey et al. 2001). Current
ecosystem management practices are increasingly reliant on high-throughput
approaches to acquire information on the composition of these communities (Bonada et
al. 2006). Molecular methods are now commonly seen as a practical alternative or
supplement to traditional taxonomy and avoid many of the limitations involved in
identifying macroinvertebrates (Shokralla et al. 2012).
The development of molecular techniques has been fundamental in facilitating
advancements in determining community biodiversity. The invention of Sanger
sequencing made it possible to determine the nucleotide sequences in DNA (Sanger et
al. 1977). Progress in automated sequencing and the compilation of sequencing
information for organisms available on a public databases, such as GenBank, have
allowed for the identification of unknown taxa from DNA, introducing DNA barcoding
and the specialties of metabarcoding and metagenomics (Hebert et al. 2003;
Handelsman et al. 2007; Taberlet et al. 2012). Modern techniques used in
bioassessments inevitably include incorporation of DNA barcoding on a communitywide scale. This can be accomplished by employing metagenomics techniques in which
DNA extracted directly from environmental samples is sequenced, or through
metabarcoding of community samples by first amplifying target genes in one or more
Polymerase Chain Reactions (PCR) using universal primers. Both techniques depend
on comparison of sequences to an online DNA database; these approaches can be
used to detect rare taxa (e.g. Baird et al. 2012; Zhan et al. 2013). DNA barcoding for
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taxonomic purposes provides large amounts of genetic data and have transformed how
biodiversity is studied (Hebert et al. 2003; Hajibabaei et al. 2011).
Traditional taxonomy is vastly improved upon by DNA barcoding in several ways.
First, using genetic markers to determine the species identity of a particular specimen is
typically less laborious. The reduced effort required using barcoding is demonstrated in
processing of samples, as detailed in the methods of this chapter. The reduction in
effort means that barcoding methods can be more cost-effective in comparison to
traditional taxonomy (Yu et al. 2012). Verifying the presence of a species in a
community using DNA sequences also does not require intact, complete organisms,
because DNA from even part of an individual indicates that the species was present in
some form in the environment that was sampled a sample. Consequently DNA present
in bulk environmental samples, such as water or sediment (i.e. environmental DNA
[eDNA]), provides an alternative approach to resolve the biodiversity of an area. This, in
turn, leads to a reduction in the sampling effort and caution required in keeping
specimens in appropriate condition for later morphological identification.
A second advantage to using genetic identification rather than traditional
taxonomy is that DNA extracted from bulk samples makes it possible to get more
comprehensive community composition data for benthic macroinvertebrates as it is not
necessary to subsample, isolate or culture only a select number of individuals to identify
in a sample, as is typical when conducting bioassessments using microscopic
identification (Creer et al. 2016). Rather, environmental samples can be assimilated to
include DNA from all organisms by filtering water or homogenizing soil and sediment.
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Extracts from these combined samples represent a full and more robust complement of
species in a community (Beng et al. 2016).
Another benefit to DNA barcoding is the ability to reduce false classifications of
morphologically-cryptic, yet distinct, taxa as one species. These species can appear
identical when they are, in fact, different species (Hebert et al. 2004; Zhan et al. 2013).
Assessment of anatomical traits to determine species level classification can also be
more challenging with organisms in poor condition or at an underdeveloped life stage
that is not easily distinguishable from homologous species (Briski et al. 2011; Lindeque
et al. 2013). Metabarcoding can circumvent these issues given that the use of genetic
markers exploits sequences that are conserved among higher levels of taxonomic
organization, yet divergent at lower levels, providing specificity in identification and
maintaining a standard for taxonomic resolution (Valentini et al. 2016).
Finally, the effectiveness of metabarcoding over traditional taxonomy is
demonstrated by the amount of data that can be generated using universal primers on
whole samples and Next-Generation Sequencing (NGS) platforms. This goes beyond
the use of species-specific primers in classical DNA barcoding, which renders a loss of
information in broad scale community studies, as only the species for which the primer
sets were designed to amplify are detected. Universal primers, however, can amplify
DNA from a wider range of organisms. Being more inclusive of all organisms,
metabarcoding is often the most favorable approach for community biodiversity studies
(Cristescu 2014). Accordingly, conducting RBPs using metabarcoding with universal
primers is more efficient than DNA barcoding using several sets of specific primers as
even a single set of universal primers can cover a sizeable complement of benthic
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macroinvertebrates in a community. Metabarcoding allows for a large number of
organisms from a single sample to be sequenced together. This is useful in
bioassessments as it is provides a richer representation of a community in one rapid
process (Leray and Knowlton 2015).
The use of NGS technology to assess invertebrate communities has been at the
forefront of advancing RBPs for several years (Yu et al. 2012). Metabarcoding can fully
harness the power of NGS as a tool in community composition studies (Carew et al.
2013). The application of NGS techniques to answer questions of ecological
significance has increased significantly since their introduction (Shokralla et al. 2012).
Using samples from the Lower Athabasca River, this chapter chronicles protocols
for metabarcoding benthic macroinvertebrate communities with the objective of
providing data that can be used for bioassessment. The aim of detailing these methods
is to demonstrate the application of metabarcoding methods in bioassessments and the
ability to achieve results with a simple, rapid strategy.
2.2 Methods
Sample collection and processing
Benthic macroinvertebrate samples were collected from sites along the Lower
Athabasca River as described in Chapter 1. These samples were collected with both the
intent of observing using traditional taxonomy and conducting molecular analysis of
entire samples. Appropriate care in the preservation of samples was taken as is
required for the observation of morphological traits, although, as previously noted,
sampling benthic macroinvertebrates for the purpose of metabarcoding alone does not
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require fully intact specimens from samples. Samples were kept separate throughout
processing to prevent cross-contamination and appropriate caution was used in both
taxonomy and molecular lab settings to avoid transfer of DNA from between any
samples prior to barcoding and pooling.
Following identification of benthic macroinvertebrates using traditional taxonomy
for analysis in Chapter 1, organisms were recombined with substrate from which they
were sorted to reconstruct bulk community samples. To avoid a biomass bias that
commonly introduces errors during the amplification step in NGS technologies, I
developed a standard for returning counted specimens to bulk samples (Bruno et al.
2015). Failure to account for biomass when metabarcoding bulk environmental samples
can lead to an overestimation of certain taxa that are physically larger than others, as
there is more genetic material from these individuals available to amplify in a PCR
(Elbrecht et al. 2017a). To ensure detectability of species of all sizes, each present at a
different abundance within a sample, while striving to maintain a correlation between
sequence and species abundance, specimens were selectively returned to bulk
samples and some altered prior to recombination. Individuals observed were
recombined either fully intact, with parts removed, or kept separated in case the
abundance of that taxon was very high. This was standardized using a criterion based
on the type of organism, size of individuals, as well as the abundance of the higher taxa
observed during microscopy (see Chapter 1 (Table 2.1)). Of the 15 higher taxa
observed, nine (Ephemeroptera, Plecoptera, Gastropoda, Trichoptera, Odonata,
Bivalvia, Hemiptera, Hyallela azteca and Erpobdella obscura) were classified as pliable
(P) with long protrusions, appendages, segments or other easily dissectible tissues that

80

were used to adjust the biomass when returned to bulk samples. The other six higher
taxa observed (Chironomidae, Ostracoda, Oligochaeta, Nematoda, Diptera and
Hydrachnidia) - characterized as more elongate, vermiform-like taxa without easily
removable parts or are otherwise unalterable (U) due to the shape and typical size of
individuals - were processed as whole specimens (Table 2.1).
Homogenization of bulk samples
Recombined samples, with substrate and organisms adjusted for biomass, were
freeze-dried with liquid nitrogen and ground using a mortar and pestle (Beng et al.
2016). This homogenization process first required filtering a sample through a 243 µm
sieve that was washed thoroughly between each sample processed. A sanitized
scoopula was used to transfer 50-100 g of the filtered sample to the mortar.
Approximately 50 mL of liquid nitrogen was added to begin the freeze-drying. After
allowing the sample freeze solid, it was ground into smaller pieces with a pestle.
Another 50 mL of liquid nitrogen was then added carefully to re-freeze the sample
followed by a combination of hitting, grinding and stirring with the pestle to completely
homogenize sample into a fine powder. This homogenate was scooped into 50 mL
falcon tubes and stored at -20°C for further analysis.
NGS library preparation: DNA extractions, PCR amplification, cleanup and barcoding
Each of the 112 homogenized samples was subsampled using 0.25g of
homogenate to perform DNA extractions, using the PowerSoil® DNA Isolation Kit (Mo
Bio Laboratories, USA). Extracted genomic DNA samples were kept in separate
microtubes and stored for additional analysis at -20°C.
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Three target genes were PCR amplified in 25µL reactions for each of the 112
samples from which DNA was extracted. Reactions for cytochrome c oxidase I (COI)
primers (Leray et al. 2013) contained 10 µL template DNA, 4.5 µL 25 mM MgCl2
(Genscript, Piscataway, NJ, USA), 0.5 µL 10 mM dNTPs (Bio Basic), 1 µL 10 mM
forward and reverse primer, 2.5 µL 10x PCR buffer (Genscript) and 0.1 µL 5 U/µL Taq
polymerase (Genscript). Thermocycling conditions were as follows: 3 min initial
denaturation at 95°C, 28 cycles of 1 min at 95°C, 1 min at 46°C, and 2 min at 72°C,
followed by a final extension at 72°C for 10 min. Reactions for 18s primers (Wang et al.
2014) contained 5 µL template DNA, 3.5 µL 25 mM MgCl2 (Genscript, Piscataway, NJ,
USA), 0.5 µL 10 mM dNTPs (Bio Basic), 0.5 µL 10 mM forward and reverse primer, 2.5
µL 10x PCR buffer (Genscript) and 0.1 µL 5 U/µL Taq polymerase (Genscript).
Thermocycling conditions were as follows: 3 min initial denaturation at 95°C, 28 cycles
of 1 min at 95°C, 1 min at 50°C, and 2 min at 72°C, followed by a final extension at
72°C for 10 min. A microbial marker was also used with amplify each sample to
determine the complement of bacterial species that were incidentally sampled along
with macroinvertebrates and generate community data for these taxa. Reactions for 16s
prokaryotic primers (Chaganti et al. 2012) contained 5 µL template DNA, 3.5 µL 25 mM
MgCl2 (Genscript, Piscataway, NJ, USA), 0.5 µL 10 mM dNTPs (Bio Basic), 0.5 µL 10
mM forward and reverse primer, 2.5 µL 10x PCR buffer (Genscript) and 0.1 µL 5 U/µL
Taq polymerase (Genscript). Thermocycling conditions were as follows: 3 min initial
denaturation at 95°C, 28 cycles of 1 min at 95°C, 1 min at 48°C, and 2 min at 72°C,
followed by a final extension at 72°C for 10 min.
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PCR products were cleaned to remove unused primers, primer dimer and other
short PCR products using a protocol based on Agencourt AMPure XP PCR purification
procedure with Ser-Mag Speed Beads (GE Healtcare Life Sciences) in place of AMPure
XP beads. 10 µL of each PCR product was transferred to a new PCR plate. Using this
method, DNA was suspended in 40 µL of TE buffer on new 96-well PCR plates and
stored at -20°C.
Each sample was tagged by conducting a second set of PCRs with a Uni-B
reverse primer and a unique forward barcode primer. This makes it possible to
distinguish samples when read through a single sequencing run. The second set of
PCRs used the cleaned-up PCR product from the first PCRs as template DNA in 20 µL
reactions consisting of 10 µL DNA, 1.4 µL 25 mM MgCl2 (Genscript, Piscataway, NJ,
USA), 0.2 µL 10 mM dNTPs (Bio Basic), 0.5 µL 10 mM reverse Uni-B primer, 1.0 µL 10x
PCR buffer (Genscript) and 0.1 µL 5 U/µL Taq polymerase (Genscript). 0.5 µL 10 mM of
unique forward barcoding primer was added to each well and the corresponding sample
was recorded. Thermocycling conditions were as follows: 3 min initial denaturation at
95°C, 7 cycles of 1 min at 95°C, 1 min at 46°C, 50°C and 48°C for COI, 18s and 16s
amplified samples respectively, followed by 2 min at 72°C and a final extension at 72°C
for 10 min.
Sample Pooling
The resulting products from the second PCRs were visualized through agarose
gel electrophoresis to determine the volume of each sample to pool and carry out
subsequent steps in the NGS library preparation. Differential sample pooling is
conducted to allow for the samples with less DNA present to be read in a NGS

83

sequencing run. This prevents a saturation of reads from samples with more DNA from
the genes amplified (Anand et al. 2016). The barcode PCR products were run on an
agarose gel and band intensity was observed at ~350 bp for COI (313 bp primer +
barcodes), ~270 bp for 18s (200 bp primer + barcodes) and ~370 bp for 16s (350 bp
primer + barcodes). Samples for which bands did not appear or were very light on the
gel image were pooled using 10 µL of PCR product, while for light, medium intensity
and dark bands, 7 µL, 5 µL and 2 µL were pooled respectively. 18s and 16s targeted
samples could be pooled in the same microtube as the size of these bands was
different enough that they could be separated in the gel extraction step, while COI
samples were pooled in a separate microtube.
Pooled samples were run on a new agarose gel in separate lanes at 90 V for ~4
hours to ensure high resolution of appropriate sized bands. DNA present at the
appropriate sized bands for each of the 3 markers was cut out and gel extracted using
Qiagen MinElute Gel Extraction Kit (Qiagen Inc.). Samples were analyzed for DNA
quantity and quality using an Agilent 2100 Bioanalyzer with a High Sensitivity DNA kit
(Agilent, Santa Clara, CA, USA). The next step in obtaining sequence data requires
dilution of pooled DNA dependent on output of the Bioanalyzer. However, technical
limitations with this instrument prevented the determination of appropriate dilution and
samples were not diluted for running on an Ion Torrent Personal Genome Machine
(PGM, Thermo Fisher Scientific) NGS platform as intended. Without any viable results
to determine DNA quantity from the Bioanalyzer, performing a costly sequencing run on
pooled samples is not prudent. These limitations could be due to a myriad of possible
problems through the DNA library building process (Head et al. 2014). Despite using
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soil extraction kits designed to remove inhibitors, the volume of substrate and high
content of organic matter, including bitumen and oil present in the samples may have
prevented downstream molecular applications from functioning correctly (Hebda and
Foran 2013). A possible solution to allow sequencing with quantified DNA is the use of
real-time PCR to determine the quantity of DNA in pooled samples prior to sequencing
(Robin et al. 2016).
Following a successful NGS run, post-sequencing processing includes sorting,
filtering, trimming of barcoding primers and controlling for low-quality sequences in
prospective reads (Johansson et al. 2017). This is followed by sequence assignment
and taxonomic sorting using appropriate databases and confidence measures.
2.3 Results and Discussion
While sequencing results were not obtained in my study, I was able to
demonstrate that metabarcoding of bulk samples to obtain macroinvertebrate
community composition data can be achieved using universal primers (COI and 18s) for
eukaryotes. Simultaneously, this data can be complemented with microbial communities
using prokaryotic (16s) markers. The DNA library for both sets of taxa was successfully
prepared using these primers, but was not sequenced due to concerns with quality
control and the possibility of yielding poor or inadequate data. This illustrates a
disadvantage that can occur with these techniques, in that errors can occur and remain
undetected throughout the process of creating the library. These errors can then be
difficult or impossible to troubleshoot retroactively. Among other drawbacks, it is difficult
to guarantee that the above protocols, even when followed precisely, will not be
unsuccessful at some stage (Freeland 2017).
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Successfully completing the methods described here would be highly beneficial
to monitoring programs and RBPs, considering the aim of these approaches to obtain
data from large areas sampled quickly. Typical RBPs include some suggested statistical
approaches to expedite the process of disseminating the necessary information (Gibson
et al. 2014). Standardizing statistical approaches in refining sequence data to be
incorporated in RBPs would also be an area of improvement for metabarcoding
methods in bioassessments.
Incorporating methods described here into current RBPs can reduce time and
effort required to conduct assessments and increase efficiency with three key
considerations: 1) Extensive caution and avoidance of damage to specimens is not
required in sample collection. This is the case in processing samples, considering
individuals do not need to be separated for individual identification; 2) It is not necessary
to subsample organisms, rather whole samples can be homogenized (blended or
ground) and the DNA then extracted represents the entire community; and 3) Barcoded
samples can be pooled to generate data using a massively parallel NGS platform
providing information and allowing for comparisons of many sites in one simple analysis
(Hajibabaei et al. 2015).
Metabarcoding is an emerging and powerful tool for producing data that assists
in bioassessments (Elbrecht et al. 2017b). Doing so with accelerated, standardized
methods allows for integration in in RBPs for macroinvertebrate communities (Lim et al.
2016). This leads to the ability to answer important questions across scales and
systems regarding the impacts of human activities (Thomsen and Willerslev 2015). The
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application of this construct of biomonitoring will continue to have an important role in
advancing conservation across ecological systems.
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Table 2.1: Criterion for reconstructing bulk environmental samples, while compensating for possible biomass biases after
observation of higher taxa through microscopy. Nine higher taxa observed (Ephemeroptera, Plecoptera, Gastropoda,
Trichoptera, Odonata, Bivalvia, Hemiptera, Hyallela azteca and Erpobdella obscura) are classified as pliable (P) with long
protrusions, appendages, segments or other easily dissectible tissues. 6 higher taxa observed (Chironomidae, Ostracoda,
Oligochaeta, Nematoda, Diptera and Hydrachnidia) are classified as unalterable (U) and are characterized as elongate,
vermiform-like taxa without parts that can be easily removed or are otherwise unalterable due to the shape and typical
size of individuals.
Size class of
observed specimen

Abundance of
taxa in sample
<30

Taxa type – Unalterable
(U) or Pliable (P)

Recombination in bulk sample

U

All recombined

P

1 leg or equivalent tissue (50-150 µm) from 10 individuals and remaining
specimen recombined

U

Up to 30 specimen kept separate; remaining individuals recombined as
whole individuals

P

1 leg or equivalent tissue (50-150 µm) from each individual recombined

U

All recombined

P

1 leg or equivalent tissue (50-150 µm) from 30 individuals and remaining
specimen recombined

U

Up to 30 specimen kept separate; remaining individuals recombined as
whole individuals

P

1 leg or equivalent tissue (50-120 µm) from each individual recombined

U

All recombined

P

All recombined

U

Up to 30 specimen kept separate; remaining individuals recombined

P

Up to 30 specimen kept separate; remaining individuals recombined

>1000 µm
>30

<100
243 µm–
1000 µm
>100

<250
<243 µm
>250
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CONCLUSIONS
My thesis examined and assessed the biodiversity of the Lower Athabasca River,
which is subject to multiple stressors, and used two approaches (traditional taxonomy,
metabarcoding) to do so. The two approaches are complementary and can be used to
achieve a more efficient and thorough bioassessment than can be done using either
method alone. In Chapter 1, using traditional taxonomy, I demonstrated that benthic
macroinvertebrate diversity across a spatial distribution representing oil industry sites,
municipal wastewater treatment sties, non-anthropogenic saline spring sites and
reference sites was largely the same. Also, conductivity did not affect diversity of
sampled communities. However, the community structure represented by evenness at
low conductivity reference sites upstream is distinct from what I measured in oil industry
adjacent sites and saline seep communities downstream. Major implications of these
findings are that industrial development and municipal populations do not have a
measurable impact on benthic macroinvertebrate communities and any consequences
of these anthropogenic disturbances are not distinguishable from one another.
Generally, studies that concurrently assess the state of groundwater
geochemistry and how it relates to biodiversity are lacking for the Lower Athabasca
River mainstem. However, recent ongoing biomonitoring of the river and tributaries has
been undertaken through a combined effort of the Governments of Canada and Alberta
as part of the Joint Oil Sands Monitoring (JOSM) program to assess changes in water
quality reflected by oil sands development (Joint Canada/Alberta Implementation Plan
for Oil Sands Monitoring; Namayandeh and Culp 2016). As well, relatively early
sampling of benthic macroinvertebrates was conducted during initial oil sands industry
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development to measure potential impacts (Barton 1980; Boerger 1983). The findings of
these studies and monitoring programs are consistent with what I determined, in that
biodiversity across spatial and environmental scales is largely uniform.
Further, my research highlights advancements in the efficacy of a novel
approach to community identification, combining morphological taxonomy and
sequence-based identification. In Chapter 2, I built on this work by utilizing COI
(eukaryotic), 18s (eukaryotic) and 16s (prokaryotic) genetic markers for molecular
barcoding. Using multiple markers served two purposes: (1) compensation for primer
bias in which some species are not detected by one primer, but are identified by another
(Acinas et al. 2005); (2) multiple markers targeting different types of species also offers
a greater coverage of taxa that represent multiple trophic levels (Deiner et al. 2017).
These methods have been used in many recent bioassessment studies and are
accepted for obtaining community-wide taxonomic composition data through a concept
referred to as biomonitoring 2.0 (Baird et al. 2012). However, a shortcoming that
remains when using metabarcoding alone for bioassessments is that amplification of
DNA sequences is biased towards relatively dominant organisms. This represents a
detection bias against the rare biosphere in a pooled sample, causing a failure to detect
a species when it is present. This is categorized as a Type I error (Zhan and MacIsaac
2015). The rarity of a species is reflected in the relative biomass of organisms in a bulk
sample and is carried through the process of barcoding samples, leading to fewer DNA
sequences available in a PCR and false negatives (Elbrecht et al. 2017). Another flaw in
metabarcoding is that sequences do not represent the abundance of taxa, but rather
only the ability to detect the taxa present (Elbrecht and Leese 2015). By conducting
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some level of traditional taxonomy prior to metabarcoding, however, my adapted
methods ensured that issues associated with the imbalanced biomass of taxa
represented in communities were resolved while also obtaining an abundance of
organisms that can be related to sequencing results. My work in this area purposed that
a size and abundance based criterion to selectively reconstruct communities prevents
amplification bias and improves results of metabarcoding. These contributions to
advancing the science of metagenomics using environmental samples continue to be a
goal of metabarcoding studies (Krehenwinkel et al. 2017). Another implication of using
this integrated approach to bioassessments is that traditional taxonomy maintains the
grouping of taxa based on physical traits, allowing consideration of functional diversity
of communities (Holovachov et al. 2017). This capability demonstrates that traditional
taxonomy is still relevant in ecology (Stepanović et al. 2016).
Future studies modeled after my work should continue to strive towards
understanding the biological significance of groundwater inputs and multiple stressors of
the Lower Athabasca River. This will require continued sampling and enumerating of
benthic macroinvertebrates. Merging traditional taxonomy with metabarcoding is
essential to returning this data quickly and limiting the time period required in the
processing of these samples, as suggested by protocols in my thesis.
The field of biomonitoring would benefit greatly from working towards a new
paradigm that unifies metabarcoding and traditional taxonomy (Sheth and Thaker
2017). In retrospect, I recommend a “biomonitoring 3.0” paradigm that makes use of
different pore-sized sieves to pre-sort samples by size and thus achieve balanced
biomass more efficiently and vastly reduce effort required in microscopy. In this new
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three-stage process, macroinvertebrates should first be separated by size and kept
apart. To obtain the abundance of taxa, which is vital in bioassessments, the second
step should involve enumerating of size-sorted samples, at least in part. Here,
subsamples of each size class sieved can be counted and identified to the lowest
possible taxonomic rank to achieve abundance counts (Houston et al. 2002). Finally,
DNA can be extracted from each size-sorted subsample separately. Following
extractions, DNA from size-separated samples can be combined using different
volumes based on the quantification of DNA from each size fraction of the original
sample (Aylagas et al. 2016). DNA quantification should be done before recombining
the subsamples for downstream PCR and metabarcoding to ensure detection of all
sequences (Klymus et al. 2017). This integrated methodology would be preferable to
the observation every individual (a time-consuming task) that I conducted in Chapter 1
and an alternative to the pre-extraction recombination method I developed in Chapter 2.
This three-stage unified protocol retains the benefits of morphological identification by
ensuring abundance is still observed, as is necessary in bioassessments (Reece and
Richardson 1999). A caveat to using the protocol described here is that sieves would
require very careful cleaning and sterilization following the filtering and collection of
samples based on size classes to avoid contamination between samples (Barba et al.
2010).
In conclusion, my thesis provides a valuable view of groundwater effects on
benthic macroinvertebrate communities in the Lower Athabasca River, along with
recommended methods for improving the acquisition of data for bioassessments. The
research presented herein should be used to guide management action and inform best
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practices for future development in the region as well as provide a basis for continued
monitoring. Repeated study and observation of biodiversity using a standardized,
unified framework will undoubtedly supply information swiftly, and provide a timely
determination of whether the Lower Athabasca River or another system has become
impaired by anthropogenic inputs of any kind.
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APPENDIX FOR CHAPTER 1
Appendix 1.1: Benthic macroinvertebrate samples collected across the Clearwater and
Lower Athabasca Rivers in September/October 2014 and August 2015. Number of
replicates belonging to collections at sites in upstream, downstream and industrial
areas, belonging to 5 categories (Reference, Saline Seep, Industrial, Municipal and
Unknown). Water quality data collected at time of sampling using handheld YSI
multimeter.

Replicates
2014
Reference Sites

18

CW 1
CW 3
CW ref 2
UA 5
A 11.5
A1

3
3
3
3
3
3

Saline Seep
Hotspots

15

A6
A9
A5
A 20
A8

3
3
3
3
3

Industrial
Hotspots

6

A 17
A 16

3
3

Municipal
Hotspots

6

A 21
UA 4

3
3

Unknown
Hotspots

16

A 18
A 19
A 19 +
BVCK
CW 5

3
3
4
3
3

Total 2014
samples

61

Upstream /
Downstream
of industry

Water
temperature
(°C)

Dissolved
Oxygen
(mg/L)

Conductivity
(µS/cm)

Upstream
Upstream
Upstream
Upstream
Downstream
Downstream

7.1
12.3
13.3
13.6
13.6
7.8

11.76
10.76
11.00
10.09
9.95
11.14

207.0
224.3
229.6
229.0
235.2
197.4

Downstream
Downstream
Downstream
Upstream
Downstream

14.9
14.2
8.8
15.3
14.8

9.77
10.35
11.45
10.44
9.66

251.2
259.4
*260-409
249.6
258.1

N/A
N/A

14.4
14.3

9.60
9.58

240.6
247.4

Upstream
Upstream

13.7
13.2

9.37
10.05

*361-371
228.4

Upstream
Upstream
Upstream
Downstream
Upstream

14.5
14.7
14.6
6.3
11.8

9.64
9.78
9.85
12.24
10.25

241.3
236.3
280.3
187.9
216.5
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Appendix 1.1 (continued):
Replicates
2015
Reference Sites

15

CW 3
CW ref 2
UA 5
A1
A1+

3
3
3
3
3

Saline Seep
Hotspots

12

A6
A5
A5+
A8

3
3
3
3

Industrial
Hotspots

12

A 17
A 16
A 17 +
A 16 +

3
3
3
3

Municipal
Hotspots

3

A 21

3

Unknown
Hotspots

9

A 18
A 19
A 19 +

3
3
3

Total 2015
samples

51

Upstream /
Downstream
of industry

Water
temperature
(°C)

Dissolved
Oxygen
(mg/L)

Conductivity
(µS/cm)

Upstream
Upstream
Upstream
Downstream
Downstream

19.3
19.5
19.5
22.3
22.8

5.86
6.06
6.54
6.39
6.30

*
*
*
283.2
269.4

Downstream
Downstream
Downstream
Downstream

23.8
23.1
22.5
22.5

6.90
6.47
0.33
6.46

272.4
*420-480
273.5
271.6

N/A
N/A
N/A
N/A

21.2
21.7
*
*

5.89
5.98
*
*

252.7
280.3
*
*

Upstream

21.8

7.31

435

Upstream
Upstream
Upstream

20.4
21.1
*

5.59
6.95
6.33

250.2
257.2
257.3

Total: 112 samples collected between both sampling years
*Measurements fluctuating and/or not taken during field sampling are due malfunctioning device.
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